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Abstract  
Urban areas are expanding rapidly worldwide, fundamentally altering ecosystem functions and 
posing major challenges for biodiversity conservation. Among the most critical consequences is 
the decline in pollinators, driven primarily by the loss of floral resources. Although urbanization 
profoundly impacts the natural environment, well-managed urban areas can play a surprisingly 
important role in conservation, as their unique mosaic of habitats harbors greater floral diversity 
and density than surrounding rural areas. Designed plant communities are deliberately composed 
combinations of plant species that represent a promising approach to improving the urban 
environment by integrating ecological principles and biodiversity values. The identity of each 
plant species is considered decisive for the ecological output of such communities, yet empirical 
evidence regarding the input of plant origin remains limited. This thesis uses a quantitative, 
secondary-data-based research design to empirically quantify nectar resource provision across 12 
Designed plant communities in Sweden, comparing differences in nectar production, seasonal 
dynamics, invasion risk, and broader ecological value between native and non-native plant species.  
The results showed that non-native plant species dominated nectar production across the majority 
of sites, contributing a mean of 74.8 %, despite representing a smaller share of plant species 
richness. Non-native plant species contribution was particularly pronounced in June and August, 
while native plant species dominated in May and July. Nectar productivity and invasion risk 
proved to be independent traits, yet targeted removal of invasive non-native plant species would 
still result in a nectar loss of 47 % across all sites. Native plant species, however, demonstrated 
significantly greater ecological value beyond nectar productivity in attracting greater number of 
pollinators and supporting broader range of organisms, compared to non-native plant species, 
confirming that biodiversity contribution extends well beyond nectar productivity. These findings 
call for a fundamental shift away from origin-based plant selection toward individual, function-
based evaluations that simultaneously consider broader ecological values beyond nectar 
productivity, in order to achieve both pollinator support and biodiversity conservation goals. 

Keywords: designed plant communities, nature-based solutions, urban green space, urbanization, 
biodiversity crisis, native plants, non-native plants, invasion risk, floral resources, pollination, 
seasonal nectar dynamics, ecosystem services, urban pollinators 
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1. Introduction  

1.1 Urbanization and biodiversity loss  
Urbanization is considered to be the most significant and profound defining 
transformation of the 21st century (Almulhim 2026). At present, more than half of 
the global population lives in urban environments, with projections that nearly  
70 % will live in cities by 2050 (United Nations, Department of Economic and 
Social Affairs, Population Division 2019). Sweden, among the most urbanized 
countries in Europe, directly reflects this trajectory, with close to 89 % of the 
population residing in urban areas in 2024 (World Bank Group 2024). As urban 
areas expand on a global scale (Aronson et al. 2017), urbanization is increasingly 
recognized as a driving force altering socio-ecological and technological systems 
(Almulhim 2026), causing numerous environmental stressors, while 
simultaneously posing significant challenges for biodiversity conservation 
(Kowarik 2011; Baldock et al. 2019). The surface modifications occurring 
alongside urban expansion affect biodiversity both directly - through habitat 
destruction, fragmentation, and the establishment of non-native species - and 
indirectly - by modifying urban climate, soil composition, hydrology, and 
biogeochemical cycles (Kowarik 2011; Harrison & Winfree 2015; Fenoglio et al. 
2020). Indeed, the transformations during urban growth are regarded as being 
long-term in nature, intensifying over time and consequently hindering the 
potential for successional recovery (McKinney 2005).  

 
Among the most critical consequences of urbanization is the decline of pollinating 
insects (Wenzel et al. 2020), with urban development contributing to a dramatic 
decline of pollinating flower visitors (Ollerton et al. 2014). This is particularly 
concerning given that 87.5 % of the world’s flowering wild plants depend, at least 
in some part, on animal pollination (Ollerton 2017). Pollination itself is a vital 
process that facilitates plant propagation, contributes to agricultural production, 
and plays a crucial role in preserving terrestrial biodiversity (IPBES 2016). Yet 
insect diversity and abundance are in global decline, driven by the interaction of 
multiple stressors (Hallmann et al. 2017). The scarcity of floral resources is 
identified as a critical bottleneck for pollinator communities (Potts et al. 2010; 
Ollerton et al. 2014), as all pollinators, regardless of life-history traits, are highly 
dependent on nectar or pollen for their survival (Willmer 2011). Furthermore, a 
continuous supply of floral resources throughout the season is critical for 
sustaining pollinator populations (Timberlake et al. 2019). Given the positive 
interdependence of plants and pollinators, the decline of one can risk a parallel 
decline in the other, making their conservation a prerequisite for broader urban 
biodiversity goals (Ebeling et al. 2008). The latest figures from the Swedish Red 
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List underscores the general urgency of targeted conservation action, by 
classifying nearly 23 % of all the assessed species as Red-Listed, with 10 % as 
threatened, indicating an increase compared to 2020 (SLU Artdatabanken 2026).  
 
Notwithstanding the significant pressures that urban areas place on natural 
habitats (Klaus & Kiehl 2021), they can play a surprisingly important role in 
promoting biodiversity (Nielsen et al. 2014; Ayers & Rehan 2021) and in 
providing key opportunities for nature conservation (Baldock et al. 2019). Urban 
areas are often situated at the intersection of multiple ecosystems (Nielsen et al. 
2014) and are characterized by a complex mosaic of land-use patterns and 
habitats, enabling them to harbor remarkably high biological richness (Kowarik 
2011; Baldock et al. 2019; Theodorou et al. 2020). If managed appropriately, 
these areas can serve as important source areas, ecological refuges, and migration 
corridors that actively sustain pollinator communities (Baldock et al. 2015; Turo 
& Gardiner 2019). Notably, novel urban ecosystems have been shown to harbor a 
greater number of populations of threatened plant species than any other habitat 
type (Planchuelo et al. 2019). Further, urban areas are particularly valuable for 
pollinator conservation (Baldock et al. 2019; Wenzel et al. 2020), as they exhibit 
lower pesticide use compared to agricultural environments (Hall et al. 2017), 
while providing essential food resources, nesting sites, and higher floral diversity 
and density in comparison to rural areas (Baldock et al. 2015; Brown et al. 2016; 
Warzecha et al. 2018). As the biodiversity crisis and ecosystem degradation 
accelerate alongside urban growth, urban green spaces are becoming increasingly 
important refuges for biodiversity (Shaffer 2018), underscoring the importance of 
developing new concepts of ecological restoration (Aronson et al. 2014) by 
incorporating urban areas in conservation efforts to enhance their effectiveness 
(Klaus & Kiehl 2021).    

 

1.2 Nature-based solutions and designed plant 
communities  

In response to the accelerating relationship between urban growth and 
biodiversity decline, the case of nature-based solutions (NBS) has gained 
considerable prominence in both science and policy (Frantzeskaki 2019; European 
Commission 2021a). The International Union for Conservation of Nature (IUCN) 
defines NBS broadly as “actions to protect, sustainably manage and restore 
natural or modified ecosystems, that address societal challenges effectively and 
adaptively, simultaneously providing human well-being and biodiversity benefits” 
(IUCN 2016:1). In the urban context, NBS are demonstrating a unifying umbrella 
concept, bridging previously established urban ecosystem-based approaches with 
assessments of societal and economic benefits, thereby highlighting the potential 



11 
 

 

of implementing nature elements in sustainable conservation (European 
Commission 2015; Frantzeskaki et al. 2019).  

 
The acknowledgment of this opportunity has prompted a series of policy 
initiatives at international and european levels, positioning cities at the forefront 
of climate change action and biodiversity protection (World Economic Forum 
2022; Almulhim 2026). Key policy initiatives, such as the EU Biodiversity 
Strategy for 2030 (European Commission 2020), the European Green Deal 
(European Commission 2019), the EU Strategy on Adaptation to Climate Change 
(European Commission 2021b), the EU Initiative on the Protection of Pollinators 
(European Commission 2018), the Sustainable Development Goal 11 on 
Sustainable Cities and Communities (United Nations 2015) and the United 
Nations Decade on Ecosystem Restoration 2021 (United Nations General 
Assembly 2019) explicitly link NBS to broader sustainability goals, yet 
increasingly mentioning that their full potential has not been realized. The United 
Nations (2025) further estimates that NBS can contribute up to 37 % of the cost-
effective mitigation measures required to meet the target of limiting warming 
under 2 °C by 2030, underscoring their relevance beyond biodiversity 
conservation alone. In Sweden, national strategies, such as the National 
Biodiversity Strategy and Ecosystem Services (Swedish Government 2014) or the 
National Strategy for Green Infrastructure (Biodiversity Information System for 
Europe 2025) already support municipalities in incorporating biodiversity 
considerations into urban planning, yet implementation remains fragmented and 
rarely guided by ecological evidence on adequate plant species selection (Hanson 
& Olsson 2023). Efforts are predominantly focused on meadow and grassland 
conversions (Brocki et al. 2025), with little consideration of deliberate plant 
selection, even though species composition ultimately determines the extent of 
ecosystem service provision (Cameron & Blanuša 2016).  
 
Designed plant communities (DPCs) are intentionally designed plant 
combinations that integrate ecological principles and biodiversity values, 
including support for pollinating insects and reduced management costs (Dunnett 
& Hitchmough 2004; Hunter 2011; Uppala et al. 2025). Given their ability of 
directly translating policy ambitions into measurable ecological outcomes, they 
represent a promising operational component of NBS (Kabisch et al. 2016). In 
order to create long-term manageable, ecologically sustainable, and resilient 
DPCs, strategic plant choice, rather than simply increasing the area of flowering 
vegetation by aesthetic values alone, is important and has decisive influence on 
the ecological value and floral resource provision of urban plantings (Köppler 
2017; Espeland & Kettenring 2018). Plant species selection operates through a 
dual filtering mechanism: the environment itself selects for or against plant 
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species (nature-based filtering), while human preference shapes intentional 
planting by favoring some species over others (human-based filtering) 
(Hitchmough 2011; Wang et al. 2024). The resulting combination of plant 
species, together with their diverse traits, within an environment driven by 
constant change inevitably introduces a degree of inherent instability, meaning 
that every DPC is effectively an unintentional experiment (Köppler 2017). Even 
in communities dominated by native plant species, some plant species will be 
better-suited than others, resulting in ongoing instability, regardless of the plant 
species' origin (Köppler 2017). Nevertheless, by selecting ecologically informed 
plant species, in combination with proper management, a broad range of 
biodiversity goals can be achieved (Aronson et al. 2017). Designed plant 
communities can be implemented across a wide range of urban settings (Dietzel et 
al. 2023), allowing even small-scale ecosystems such as road verges, green roofs, 
or traffic islands to act as stepping stones, limiting fragmentation (Faeth et al. 
2011) and improving habitat connectivity (Marzluff & Ewing 2001). Regardless 
of their location and size within the urban matrix (Plant et al. 2025), the quality 
and diversity of the floral resources provided by DPCs have proven important, as 
even converting just 5 % of urban lawns to pollinator-friendly plantings 
significantly increased pollinator abundance (Davis et al. 2017). 

 

1.3 Floral resource availability and nectar provision 
Since urban plant communities are primarily designed by human decisions, 
factors such as aesthetic preference, economic conditions, and seasonal 
availability influence the selection of plant species (Sikora et al. 2020). This 
ultimately resulted in plantings that appear floristically rich, yet do not necessarily 
realize their full ecological potential, with insufficient nectar supply and poor 
phenological continuity (Sikora et al. 2020; Wenzel et al. 2020; Tew et al. 2021). 
Despite the fact that pollinator groups differ in response to habitat fragmentation, 
management practices, and choice of plant species (Dylewski et al. 2020), they all 
depend on floral resources, as nectar constitutes the primary energy source for 
adult pollinators, and pollen provides the protein source for reproduction (Baude 
et al. 2016; Leponiemi et al. 2023). The composition and origin of plant species, 
therefore, play a critical role in determining the ecological benefits of urban 
plantings, as the quality and quantity of floral resources significantly affect 
pollinator activity (Potts et al. 2010; Ollerton et al. 2014). Particularly in 
fragmented landscapes, a strong interdependency between pollinator diversity and 
floral resources has been observed, with large-scale pollinator losses occurring 
alongside losses of plant species, as they mutually reinforce each other 
(Biesmeijer et al. 2006; Hallmann et al. 2017; Rhodes 2018; Baldock et al. 2019). 
Enhanced plant species richness promotes pollinator richness through species-
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specific preferences and greater nectar resource availability, while diverse 
pollinator communities, in return, support the reproductive success of a broader 
range of plant species (Ebeling et al. 2008).  
 
Plant selection has been identified as a concrete area where ecological knowledge 
plays a crucial role in determining biodiversity outcomes (Brocki et al. 2025). A 
diverse array of flowers can be beneficial, as mixed plant communities with high 
floral abundance and density attract a greater variety of pollinators compared to 
monocultures alone, resulting in an increased stability of pollination services 
(Ghazoul 2006; Scriven et al. 2013; Salisbury et al. 2015). Notably, given the 
positive interdependence of plant-pollinator networks, monitoring flower diversity 
has been identified as a simple yet robust indicator for multi-taxa pollinator 
diversity (Segre et al. 2023). However, the response of pollinator communities to 
floral resource availability is more complex: While pollinator visit frequency 
accelerates proportionally with both blossom cover and number of plant species, 
research mentions the saturation effect, which demonstrates that pollinator species 
richness reaches a saturation point at around 15-30 % of blossom cover, beyond 
which additional plant species no longer drive gains in pollinator richness 
(Ebeling et al. 2008). Simultaneously, the dilution effect is another important 
factor, as the number of plant species increases, highly rewarding species become 
diluted among less attractive ones, meaning that a planting composed of few but 
highly productive plant species may prove ecologically more valuable than one 
with high diversity but mediocre nectar productivity (Ebeling et al. 2008). Rather 
than diversity per se, which does not only have benefits, the quality and identity 
of individual plant species present ultimately determine the ecological value of a 
planting for pollinators (Hicks et al. 2016; Warzecha et al. 2018). As nectar and 
pollen metrics vary enormously among plant species, the presence of just a few 
key plant species can dominate floral resource availability, meaning that higher 
flower availability does not consistently translate into increased pollinator 
abundance (Schulze et al. 2026). The study by Warzecha et al. (2018) 
demonstrated that just 14 key plant species were needed to support an entire local 
pollinator community, with the four most important plant species alone 
accounting for 81 % of the pollinator species recorded.  

 
The seasonal availability of nectar resources is an equally critical factor for the 
stability of the pollinator community, as the supply of floral resources and 
pollinator activity interact throughout the season, thereby shaping supply and 
demand (Sponsler et al. 2023). Horn et al. (2016) demonstrated that with the 
occurrence of resource gaps, particularly during critical summer months or in 
combination with other stressors such as limited forage availability, even a 
shortage as brief as 15 days can pose a serious consequence for honeybee 
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colonies. Urban plantings, however, often neglect ecological requirements and 
concentrate the flowering period within a limited timeframe, leading to seasonal 
imbalances in resource availability (Sikora et al. 2020). In northwest Europe, the 
month of August has been identified as a challenging period for pollinators in 
terms of food sources, while spring, particularly April, represents the most 
favorable season (Harris et al. 2024). According to Hicks et al. (2016), even 
purpose-designed floral beds struggle to close the gaps in early-season food 
provisioning.  
 
Beyond overall pollinator abundance, the balance between specialist and 
generalist pollinator species represents a critical dimension of community health 
(Fontaine et al. 2005). Specialist pollinators depend on specific plant groups and 
cannot simply switch to alternatives, meaning that a loss of preferred host plants 
can trigger population decline and even local extinction (Fontaine et al. 2005). In 
urban areas, this balance is increasingly skewed towards generalists, as the 
dominance of horticultural and exotic plants tends to favor generalist visitors 
while specialists with narrow resource requirements progressively decline 
(Wenzel et al. 2020). The increasing prevalence of non-native plant species in 
urban settings further challenges pollinator foraging dynamics, as their dominance 
frequently displaces native plant species and fragments populations, introducing a 
tension between floral resource provision and broader ecological value that 
warrants careful consideration in species selection (Potgieter et al. 2017).  

 

1.4 Native and non-native plant species in urban 
ecosystems  

Urban floras are characterized by a striking paradox: although cities are often 
perceived as hostile environments for biodiversity, they exhibit one of the highest 
levels of plant species diversity among any landscape type (Potgieter et al. 2017), 
a phenomenon primarily attributable to the increasing spread of non-native plant 
species alongside urban-rural gradients (Kowarik 1995). Their prevalence is no 
coincidence, but rather a structural feature of urban ecosystems (McKinney 2005), 
as disturbances contribute to their establishment and spread (Kowarik 1990) while 
multiple filters simultaneously favor non-native over native plant species (Bretzel 
et al. 2016).  

 
The classification of plant species as native or non-native is inherently contested, 
as the concept of nativeness is rooted in value judgments rather than ecological 
absolutes, with boundaries used to classify them shaped by social and cultural 
factors rather than ecological ones (Kendle & Rose 2000; Berthon et al. 2021). 
Non-native species across taxonomic groups have historically been subject to 
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considerable negative bias, shaped by the use of xenophobic and militarized 
language, such as “alien”, “enemy”, “invader”, resulting in overwhelmingly 
negative documentations that overlooked positive ecological traits (Larson 2005). 
This bias is further compounded by the imprecise use of the terms “non-native” 
and “invasive” (Davis et al. 2011). Notably, as multiple studies demonstrate, the 
subject of invasiveness is not an inherent property of non-native plant species but 
a characteristic tied to particular species possessing certain ecological traits, rather 
than to a group as a whole (Sagoff 2005; Kowarik 2011). The recent report by 
IPBES (2023) contextualizes this at global scale, by acknowledging that although 
alien species across all taxonomic groups have been a driver of 60 % of 
documented extinctions globally, evidence of negative impacts has only been 
recorded for 3,500 out of 37,000 known alien species, meaning that the majority 
of introduced alien species (90.54 %), including non-native plant species, do not 
cause measurable ecological harm. The ecological value of non-native plant 
species can therefore not be assessed by origin alone, but must also consider the 
duration of establishment and extent of its integration into local communities 
(Buchholz & Kowarik 2019). Despite growing evidence that ecological impacts 
vary among species, the origin-based judgments continue to shape management 
decisions, particularly in urban greening contexts (Kendle & Rose 2000).  
 
Nonetheless, plant invasion is considered a genuine threat to biodiversity, as the 
presence of non-native plant species can affect native plant-pollinator interactions 
in multiple ways (Bjerknes et al. 2007). Non-native flowering plants tend to 
compete with co-flowering native plants through larger floral displays (Stout & 
Morales 2009), greater and denser populations, and morphological similarity, 
ultimately reducing pollinator visitation rate and reproduction success of native 
plant species (Bjerknes et al. 2007; Morales & Traveset 2009). This is particularly 
consequential along the specialization continuum, as non-native plant species tend 
to act as super-generalists (Bartomeus et al. 2008; Russo et al. 2019), generating 
less-specialized networks (Seitz et al. 2020) and leaving specialist pollinators 
most vulnerable to displacement (Lambdon et al. 2008). Beyond pollination 
dynamics, non-native plant species contribute to biotic homogenization and a 
broader range of ecological disservices, like allergenicity, increased fire 
frequency, and disease vectoring (McKinney 2005; Potgieter et al. 2017).  

 
Yet, the ecological contributions of non-native plant species extend beyond the 
aforementioned risks. Flowering phenology appears to be conserved by 
geographic origin (Godoy et al. 2009), introducing predictable and 
complementary floral resource windows that extend seasonal availability and 
buffer potential resource shortages under environmental change (Kendle & Rose 
2000; Stout & Morales 2009; Salisbury et al. 2015). Further, potential benefits, 
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such as structural diversification and niche creation (Kowarik 2011), as well as 
network stability through network nestedness (Russo et al. 2019), demonstrate the 
profound contribution of non-native plant species to ecosystems. Native plant 
species, however, tend to attract greater pollinator diversity, as animals are better 
adapted to use plants they co-evolved with (Berthon et al. 2021). Further, native 
plant species are considered to support a broader range of associated organisms as 
host plants and mutualistic partners, thereby reflecting a deeper ecological 
connectivity than non-native plant species (Berthon et al. 2021).  
 
Designed plant communities across northern Europe typically contain a high 
proportion of non-native plant species selected for their ability to withstand urban 
environmental conditions (Hitchmough 2011; Kowarik 2011). As their ecological 
impacts are not uniformly negative, their conflicting contributions lead to 
ecological trade-offs, meaning that the ecosystem services they provide must be 
weighed against their potential disadvantages (Potgieter et al. 2017). The Driver-
Passenger-Model by MacDouglass & Turkington (2005) urges caution in future 
management by distinguishing between non-native species that actively displace 
native taxa and those that spread primarily because anthropogenic disturbance has 
already weakened native plant species’ fitness. Particularly in the context of 
rapidly changing environments, non-native plant species are assuming 
increasingly important ecological functions due to their greater tolerance and 
adaptability to a wide range of biotic and abiotic conditions (Schlaepfer et al. 
2011). The dual nature of non-native plant species, as well as the prevailing 
negative bias towards non-native origin in conservation practice (Kendle & Rose 
2000), underscores the need for more nuanced evaluation of their role in DPCs. 
 

1.5 Knowledge gap and study objectives  
Despite the growing body of research on urban pollinator communities (Baldock 
et al. 2015) and floral resource provision (Herrmann et al. 2023), the contribution 
of plant origin to nectar resource provisioning within DPCs remains poorly 
understood (Ferrini et al. 2020; Brocki et al. 2025). Relatively few studies 
compare native and non-native plant species in relation to the provision of 
ecosystem services, particularly pollinator services, and urbanization (Wenzel et 
al. 2020; Tartaglia & Aronson 2024). At the policy level, green space practice 
holds promising yet largely untapped potential for biodiversity conservation 
(Brocki et al. 2025). Notably, comprehensive reviews of pollinator decline, such 
as the EU Pollinator Initiative (European Commission 2018), identified various 
drivers, with comparatively little attention given to the quality and composition of 
floral resources in deliberately designed urban green spaces, posing a significant 
knowledge gap, given that nectar availability and plant origin are directly 



17 
 

 

manageable variables (Rhodes 2018). Even the concept of nature-based solutions 
compounds this issue by not explicitly framing the conservation or protection of 
biodiversity as a goal, leaving the ecological outcomes of urban plantings often 
implicit rather than deliberately designed (Nesshöver et al. 2017).  

The conflicting contributions of non-native plant species have led to an 
overwhelmingly negative framing (Berthon et al. 2021) and a persistent push 
towards native-only approaches (Klaus & Kiehl 2021). One reason for this may be 
the widespread assumption, that the most productive non-native plant species are 
simultaneously the most invasive ones, representing a genuine ecological trade-
off that justifies precautionary exclusion. This perception is partly rooted in the 
observation that invasive species often possess traits associated with competitive 
success and although it has been challenged at the global scale, it has rarely been 
explicitly tested in the context of DPCs. As a result, positive ecological traits of 
non-native species systematically been overlooked, and with them, opportunities 
for more effective and evidence-based urban green space management. Given the 
ongoing debate over appropriate plant species selection (Berthon et al. 2021), the 
question arises as to whether origin-based classifications are even ecologically 
justified or whether a more nuanced, species-level assessment of ecological 
functions would be more appropriate for contemporary urban ecosystems.  

This thesis addresses these gaps by empirically quantifying nectar resource 
provision across 12 designed plant communities in Sweden, with a particular 
focus on the contributions of native and non-native plant species, invasion risk, 
and ecological trade-offs. For this reason, the following hypotheses were tested: 

H1: Nectar availability in designed plant communities increases with plant species 
richness. 
H2: Non-native plant species account for a disproportionately large share of total 
nectar availability relative to their proportion of species richness.  
H3: Non-native plant species exhibit higher individual nectar productivity than 
native plant species, as measured by nectar production per unit area and sugar 
content per flower.  
H4: Non-native plant species extend seasonal nectar availability by contributing 
proportionally more during months in which native plant species are 
underrepresented. 
H5: Among non-native plant species, nectar productivity is positively associated 
with invasion risk  
H6: Excluding non-native plant species, particularly those with high invasion risk, 
would significantly reduce nectar availability at both site and monthly scales 
H7: Native and non-native plant species differ in their degree of additional 
ecological functions  
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2. Material and methods 

The present study is based on a quantitative, secondary-data-based research 
design (Döring & Bortz 2016), combining existing empirical datasets and 
systematically compiled species-level trait information, as nectar productivity data 
for the full species pool could not be obtained through direct field measurements 
within the scope of this thesis. The two resulting datasets were subsequently 
subjected to quantitative statistical analysis in R Studio (version 2026.01.0+392) 
using R version 4.5.2 (R Core Team 2024), enabling a systematic empirical 
assessment.  
 

2.1 Study area and study sites 

The study was conducted across 12 designed plant communities, located in six 
locations in Sweden: Stockholm (Site Number: 1;2;3); Sigtuna (Site Number: 4); 
Åkersberga (Site Number: 5); Kumla (Site Number: 6); Uppsala (Site Number: 
7;8); Enköping (Site Number: 9) and Örebro (Site Number: 10;11;12). The sites 
cover a total area of 13.911,872 m², with a maximum area of 3.183,86 m² on site 3 
in Stockholm and a minimum area of 238,54 m² on site 12 in Örebro.  

 

Figure 1: Map of the 12 designed plant community (DPC) study sites in Sweden: 
Stockholm (sites 1–3), Sigtuna (site 4), Åkersberga (site 5), Kumla (site 6), Uppsala (sites 
7–9), and Örebro (sites 10–12).  
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The average area of the sites is 1.159,32 m². All sites are free to access for both 
citizens and visitors of the cities. An overview of the sites is given in Figure 1.  

The sites were selected as part of a larger research project coordinated by Erik 
Öckinger, an associate professor and senior lecturer in conservation biology at the 
Department of Ecology at SLU, which aimed to assess the relative importance of 
DPCs for pollinating insects. Each site was identified through consultations with 
representatives of several regional municipalities, suggestions from other 
researchers, and internet research. The sites were further visited in the field to 
ensure that they met the definitions of DPCs.  
 

2.2 Data Collection  

The overall plant species dataset contained 848 plant species. To ensure data 
validity, 445 plant species were eliminated due to taxonomic issues (51), duplicate 
entries (56), or insufficient information (338), leaving a total of 403 plant species 
for further analysis. Of the 403 plant species retained, 154 were classified as 
native (38.2 %) and 249 as non-native (61.8 %). 

For the purpose of the study, two integrated datasets were compiled from the data 
sources described below and subsequently used for statistical data analysis.  

The first dataset contained total and monthly percentage cover values for each 
plant species at each site across the 12 designed plant communities. The total 
percentage cover values were obtained from existing datasets compiled by Ella 
Uppala, PhD Student at SLU, as part of her research on “Designed plant 
communities for nature-based solutions – an investigation of urban rain gardens” 
(Uppala 2025). Vegetation surveys were conducted between July and September 
2025 once per survey site. The total recorded cover summed to 15,132 %, of 
which 12,680 % met the inclusion criteria and were retained for further 
calculations, with 2,452 % excluded. The total percentage cover values were 
recorded as estimates of canopy cover, with values exceeding 100 % expected and 
ecologically valid, as they reflect the vertical overlap of plant layers within the 
plant communities studied. Monthly blossom percentage cover values were 
obtained from existing datasets provided by the Department of Ecology at SLU. 
The monthly coverage values were estimated along a 30 m transect, within a 500 
m radius. Surveys were conducted once per month in the period of May to August 
2025 across all 12 sites. In order to use the values for analysis, the coverage 
values were subsequently converted into absolute cover area (m2) by multiplying 
them by the site area derived from GIS analysis, using the program QGIS 3.44.7-
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Solothurn. An overview of the sites, including site area, plant species richness, 
and plant family richness by origin, is given in Table 1.  

Table 1: Overview of the 12 DPC study sites, including site area, plant species richness 
and plant family richness by origin. 

 

The second set of data contained species-level traits for each plant species 
collected at the study sites. The data was compiled from multiple published 
sources through a systematic, targeted literature search, using the “snowball 
sampling approach” (Döring & Bortz 2016) and keywords in scientific databases 
and search engines, such as Scopus, Web of Science, Google Scholar, SLU 
University Library and BOKU LIT:Search.  

Plant family and genus classifications followed Nordens Flora (Mossberg & 
Stenberg 2018), Royal Botanic Gardens Kew (2026) and Missouri Botanical 
Garden Plant Finder (2026). The native status of each plant species was 
categorized as native or non-native, based on whether it was actively introduced 
to Sweden after 1800, as per data from Artfakta (n.d.) and the Royal Botanic 
Gardens, Kew (2026). Throughout this thesis, the term “non-native” is 
consistently used to refer to this group, regardless of the degree of naturalization 
or invasiveness. The data on risk assessment was obtained from the most recent 
national Swedish Red List on Artfakta (n.d.), which provided abbreviations 
according to the International Union for Conservation of Nature (IUCN).  

The index of invasive concern was sourced from Tyler et al. (2021) and adapted. 
It indicates the potential of certain plant species to cause future changes to 
biodiversity or ecosystem functions (Tyler et al. 2021). The invasion scores 
ranging from 0 to 38 were divided into five risk categories, as follows: no risk (< 
10), low risk (10 -14), moderate risk (14-17), considerable risk (17-22), severe 
risk (> 22). 
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The biodiversity relevance was as well sourced from Tyler et al. (2021) and 
adapted. It indicates the number of associated plants, fungus, or animal species 
that depend on or utilize the given plant species as a food source, substrate, 
shelter, or mutualistic partner (Tyler et al. 2021). The seven-degree scale is as 
followed: Sore 1: < 6 associated species; Score 2: 6 - 12 associated species; Score 
3: 13-24 associated species; Score 4: 25-50 associated species; Score 5: 51-100 
associated species; Score 6: 101-200 associated species; Score 7: 201-400 
associated species. The reason for including this index was to assess the plant 
species’ ecological functions, beyond nectar provisioning.  

Flowering periods were retrieved from Nordens Flora (Mossberg & Stenberg 
2018) and supplemented with information from Royal Botanic Gardens Kew 
(2026), Missouri Botanical Garden Plant Finder (2026), and Flora and Vegetation 
of Europe (2026). Nectar production was assigned as an ordinal seven-degree 
scale following the classifications from Baude et al. (2016) as adapted by Tyler et 
al. (2021), where each class represents a defined range of annual nectar sugar 
production per unit area (g sugar m-2 yr-1). The absolute sugar content of nectar 
per single flower (µg flower-1 day-1) was retrieved as a raw continuous value from 
Tew et al. (2021; 2023), Tyler et al. (2021), Hicks et al. (2016), Baude et al. 
(2016), and Baden-Böhm et al. (2022). The values were further classified into 
ordinal categories to facilitate comparisons.  

Although both nectar and pollen are relevant floral food resources, this study 
focuses exclusively on nectar, as it provides a common and quantifiable currency, 
expressed as total annual nectar sugar content per unit area (g sugar m-2 yr-1), 
enabling direct quantification and comparison of the nutritional contribution of 
different plant species and further serves as a particularly meaningful measure for 
assessing the ecological value of urban plantings (Baude et al. 2016). The values 
were transformed into a seven-degree nectar production scale (from Baude et al. 
(2016) as adapted by Tyler et al. (2021)), as followed: Scale 1: 0g sugar m-2 yr-1; 
Scale 2: 0–0.2 g sugar m-2 yr-1; Scale 3: 0.2–3 g sugar m-2 yr-1; Scale 4: 3–17.8 g 
sugar m-2 yr-1; Scale 5: 17.8–56.2 g sugar m-2 yr-1; Scale 6: 56.2–178 g sugar m-2 
yr-1; Scale 7: 178–400 g sugar m-2 yr-1. The annual nectar production values were 
calculated by dividing the nectar values by the m2 per site. 

Nectar productivity values were only available for a limited number of plant 
species. Therefore, the application of a confamilial imputation approach, in which 
the mean value of plant species available in the dataset was used as proxy, was 
applied. Where only a single confamilial species was available, this value was 
retained. This was based on the assumption that closely related plant species with 
similar flower morphology and pollination systems produce comparable values. 
After application, values were available for 298 (73.9 %) of the total 403 plant 
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species retained for analysis. Notably, the coverage data was considerably higher 
for native plant species (143 of 154; 92.9 %) than for non-native plant species 
(155 of 249; 62.2 %). For the remaining 105 plant species for which no 
confamilial proxy was available within the dataset, nectar productivity values 
remained absent. These species were excluded from nectar output calculations, 
but retained for other analyses.  
 

2.3 Statistical data analysis  

All statistical analyses were performed using the software R Studio (version 
2026.01.0+392) and R version 4.5.2 (R Core Team 2024). The data was imported 
from Excel files using the package readxl (Wickham & Bryan 2025). Data 
manipulation and wrangling were performed using the package tidyverse 
(Wickham et al. 2019). All figures were designed using the packages ggplot2, 
ggpubr, ggrepel, and scales (Wickham 2016; Wickham et al. 2025; Kassambara 
2026; Slowikowski et al. 2026). Iterative operations across months were 
calculated using the package purrr (Wickham & Henry 2026). The effect sizes for 
the Wilcoxon tests were calculated using the package rstatix (Kassambara 2025).  

Prior to all statistical tests, the normality of the data was assessed using the 
Shapiro-Wilcoxon test, applied separately to sugar content per flower for native 
and non-native plant species. As normality was rejected for both groups (native 
sugar content: W = 0.130, p < 0.001; non-native sugar content: W = 0.415,  
p < 0.001), non-parametric tests are the statistically correct choice for further 
comparisons.  This was further justified by the small sample size (n = 12), the 
ordinal and scale-derived nature of several variables, and the right-skewed 
distribution of nectar productivity values.  

In order to obtain the annual nectar contribution of each plant species per site, the 
species-level nectar productivity (g sugar m-2 yr-1, derived from the nectar scale) 
was multiplied by the actual area occupied by the plant species at each site, 
derived from GIS analysis. To retrieve the monthly nectar contribution, the 
species-level nectar productivity was multiplied by the monthly recorded blossom 
cover per site. 

The Spearman rank correlation test was used to assess whether a simple 
relationship exists between plant species richness and nectar production at a given 
site (H1). Spearman rank correlation tests were also used to identify the 
correlation of the proportion of non-native plant species with the proportion of 
non-native nectar per site (H2); the proportion of non-native plant species with the 
nectar efficiency per m2 (H2); the relationship of flowering period and nectar 
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production per plant species (H4); the relationship of invasive concern index and 
nectar contribution (H5); the relationship between the invasive concern index and 
the biodiversity relevance (H7); and lastly it was used to investigate the 
relationship between nectar productivity and biodiversity relevance (H7). For the 
Spearman rank correlation tests, the value “ρ“ served directly as the effect size.  

A one-sample Wilcoxon signed-rank test was used to investigate whether the 
difference between the proportion of non-native nectar and the proportion of non-
native plant species per site was significantly greater than zero (H2). A Wilcoxon 
rank-sum test was used to identify the difference of native and non-native plant 
species in nectar productivity per unit area and sugar content per flower (H3); to 
investigate the difference of native and non-native plant species in their monthly 
nectar contribution (H4); and to investigate the difference of native and non-
native plant species in biodiversity relevance (H7). A Paired Wilcoxon signed-
rank test was used to identify the consequences of the hypothetical removal of 
high-risk / very high-risk / potential high-risk invasive non-native plant species on 
nectar production at the site level (n = 12 pairs) and the monthly level (n = 4 
pairs) (H6). For the Wilcoxon signed-rank tests, the effect sizes were calculated as 
r = |Z| / √N, where Z is the normal approximation of the test statistic, and N is the 
number of observations. The effect size values of “r” got further interpreted 
following Cohen (1988): r < 0.3 = small, r = 0.3 - 0.5 = moderate,  
r > 0.5 = large.  

A Kruskal-Wallis test was used in order to identify the difference in nectar 
contributions across invasion risk categories (H5). For the Kruskal-Wallis test, the 
value “η²” served as the effect size.  

The Statistical significance was set at p = 0.05 throughout. 
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3. Results 

3.1 Plant species richness and nectar production 
The relationship between plant species richness and total annual nectar production 
was tested using a Spearman rank correlation, yielding a large effect size  
(ρ = 0.538). The results were not statistically significant with p = 0.0749, likely 
due to the small sample size (n = 12).  
 
As demonstrated in the scatter plot in Figure 2, the regression line shows an 
overall upward trend, yet the wide confidence band of 95 % reflects considerable 
variability among sites with few outliers present. Notable deviations from the 
general trend were visible in site 3 and site 1 in Stockholm, and site 11 in Örebro.  

 

 

Figure 2: Relationship between plant species richness and total annual nectar production 
across 12 DPC study sites. The regression line with 95 % confidence interval is shown 
for visual reference. Spearman rank correlation: ρ = 0.538, p = 0.0749, n = 12 sites. 

While site 1 in Stockholm (425,375 g sugar yr-1; n = 70) and site 3 in Stockholm 
(706,690 g sugar yr-1, n = 60) were producing disproportionally high nectar 
production relative to their species richness, with site 3 in Stockholm producing 
the most, site 11 in Örebro stood out due to their high species richness (n = 113) 
and yet relatively low nectar production (50,147 g sugar yr-1). This suggests that 
plant species richness alone does not determine nectar availability.  
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The correlation between site area and area-normalized nectar production across all 
12 study sites revealed no significant relationship (ρ = 0.126, p = 0.6997), 
indicating that site size itself does not drive the nectar productivity  
(see Figures 16 and 17 in the Appendix).  
 

3.2 Contribution of non-native plant species to total 
site nectar production  

The total annual nectar production varied considerably across all 12 DPC study 
sites, ranging from 13,083 g sugar yr-1 at site 4 in Sigtuna to 706,690 g sugar yr-1 
at site 3 in Stockholm, with a mean of 200,240 g sugar yr -1 across all sites. Non-
native plant species dominated nectar production in absolute terms at the majority 
of sites, with the highest amount of annual nectar production by non-native plant 
species recorded at the sites 3 and 1 in Stockholm and site 9 in Enköping, while 
sites 4 in Stiguna, 5 in Åkersberga and 11 in Örebro were the least productive 
ones (see Figure 3).  

 

 

Figure 3: Total annual nectar production per DPC study site, partitioned by plant 
species origin. Bars show the proportional contribution of native and non-native plant 
species to total cover-weighted nectar production (g sugar yr⁻¹) calculated from plant 
species-level nectar productivity values (Tyler et al. 2021) and percentage cover data.  

The proportional contribution of non-native plant species to total nectar 
production is shown in Figure 4. The majority of sites are dominated by non-
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native plant species in terms of nectar production, contributing a mean of 74.8 % 
of total annual nectar. The non-native nectar share ranged from 25.56 % at site 8 
in Uppsala to 96.31 % at site 2 in Stockholm. The median percentage of non-
native nectar (87.46 %) significantly exceeded the median percentage of non-
native plant species (67.93 %). A Wilcoxon signed-rank test confirmed that non-
native plant species contribute disproportionately more nectar than their plant 
species share would predict (V = 65, p = 0.021, r = 0.586), yielding a large effect 
size.  
 

 

Figure 4: Proportional contribution of native and non-native plant species to total 
annual nectar production per DPC study site. Percentages indicate the non-native share 
of total nectar production per site. Wilcoxon signed-rank test (gap > 0): V = 65,  
p = 0.021, r = 0.59. Spearman rank correlation: ρ = 0.524, p = 0.0839. 

The Spearman rank correlation between non-native and native nectar contribution 
per site revealed a moderate positive trend, suggesting that sites with greater 
number of non-native plant species tended to produce proportionally more non-
native nectar, yet not significantly so (ρ = 0.524, p = 0.0839). An additional 
Spearman rank correlation found no significant relationship between the 
proportion of non-native plant species and the nectar productivity per unit area 
(m2) (ρ = 0.098, p = 0.7663), indicating that the mere numerical presence of non-
native plant species does not determine site-level nectar productivity.  
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3.3 Individual nectar productivity and sugar content by 
plant species origin  

A Wilcoxon rank-sum test revealed a statistically significant difference in nectar 
productivity per unit area (g sugar m-2 yr-1) between native and non-native plant 
species (W = 8416, p = 0.0308), even though the effect size was relatively small  
(r = 0.129). As visualized on a log10 scale in Figure 5, there was considerable 
variation within both groups, with overlapping distributions and notable high-
producing outliers for both origins. Non-native plant species had a median nectar 
productivity of 31.6 g sugar m-2 yr-1, 3.16 times higher in comparison to the 
median nectar productivity of native plant species (10 g sugar m-2 yr-1).  

 

Figure 5: Nectar productivity per unit area (g sugar m-2 yr-1, log10 scale). Boxes show 
median and interquartile range; whiskers extend to 1.5 × IQR; points show individual 
plant species. Wilcoxon rank-sum test: W = 8416, p = 0.0308, r = 0.129. 

To complement the statistical comparison of nectar productivity between native 
and non-native plant species, the distribution across nectar productivity scale 
classes was additionally visualized in Figure 6. The plant species showed no clear 
separation, instead displaying a systematic shift towards higher productivity 
classes with plant species scattering from scale 1 (0 g sugar m-2 yr-1) through scale 
7 (178–400 g sugar m-2 yr-1). Native plant species were thereby more concentrated 
in the mid-range productivity classes. Non-native plant species were more 
frequently represented in higher nectar scale classes 5 to 7, accounting for 47.1 % 
of non-native plant species, compared to 37.1 % of native plant species. 
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Conversely, non-native plant species were underrepresented in the lower classes  
1 to 3 (27.1 % vs. 35 % for natives), confirming a consistent upward shift in 
nectar productivity among non-native plant species, rather than the influence of 
just a few exceptional outliers.  

 

Figure 6: Distribution of native and non-native plant species across nectar productivity 
scale classes. Scale classes 1 to 7 correspond to geometric midpoints of 0, 0.1, 1.5, 10, 
31.6, 100, and 282 g sugar m-2	yr-1 (Baude et al. 2016; Tyler et al. 2021). Percentages 
indicate the proportion of plant species per origin within each nectar scale class. 

In order to examine the difference of native and non-native plant species in the 
sugar content per flower (µg flower-1 day-1), a Wilcoxon rank-sum test was 
conducted, showing a statistically significant result (W = 13704, p = 0.0303,  
r = 0.114), with both groups sharing an identical median at 375 µg flower-1 day-1 
(see Figure 7).  

Despite both groups appearing nearly identical, they demonstrate differences in 
the interquartile ranges: the Q25 for non-natives (175 µg flower-1 day-1) was more 
than double the Q25 for natives (75 µg flower-1 day-1), and the Q75 for non-
natives (2500 µg flower-1 day-1) exceeded that of native plant species (1625 µg 
flower-1 day-1). This indicates that non-native plant species were less likely to 
exhibit very low sugar content and more likely to exhibit very high sugar content 
per flower.  
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Figure 7: Sugar content per flower (µg flower-1 day-1, log10 scale). Boxes show median 
and interquartile range; whiskers extend to 1.5 × IQR; points show individual plant 
species. Wilcoxon rank-sum test: W = 13704, p = 0.0308, r = 0.114. 
 

3.4 Seasonal nectar dynamics and flowering 
phenology  

In order to assess monthly differences in total blossom-weighted nectar 
contribution between native and non-native plant species, a Wilcoxon rank-sum 
test was conducted, separately for each survey month (May: p = 0.063; June: p = 
0.010; July: p = 0.191; August: p = 0.377). The results are visualized in Figure 8, 
revealing a pattern that varies over time rather than a consistent difference 
between the two groups tested. Simultaneously, the share of native and non-native 
plant species in flower is demonstrated in percentages in Figure 9.  
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Figure 8: Total blossom-weighted nectar production per survey month (g sugar m-1), 
partitioned by plant species origin. Percentages above bars indicate the non-native share 
of monthly nectar production. Wilcoxon rank-sum tests: May: p = 0.063;  
June: p = 0.010; July: p = 0.191; August: p = 0.377. 

 

 

Figure 9: Percentage of native and non-native plant species recorded in flower per 
survey month, portioned by plant species origin. Percentages above bars indicate the 
native and non-native share of plant species in flower.  
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The month of May represented the lowest nectar-producing month, accounting for 
just 6.9 % (26,176 g sugar) of total nectar production across the four study 
months. Despite a contribution of only 30.1 % of native plant species being in 
flower, the results showed a clear dominance of native nectar production, with a 
share of 87.7 % (22,953 g sugar). In comparison, non-native plant species, with a 
share of 26.6 % of plant species being in flower, accounted for only 12.3 %  
(3,223 g sugar) of nectar production. The Wilcoxon rank-sum test showed a non-
significant result, with May yielding the largest effect size of the four months  
(W = 128, p = 0.0633, r = 0.362). 

June contributed 16.77 % to the total nectar contribution across the four study 
months, with a total of 63,746 g sugar. The dominance of nectar productivity 
shifted in June, as non-native plant species dominated, accounting for 62.1 % 
(39,567 g sugar), compared with native plant species at 37.9 % (24,179 g sugar). 
The share of native (44.4 %), and non-native (41.4 %) plant species in flower was 
roughly equal. The month of June was the only one in which the difference 
reached statistical significance (W = 373, p = 0.0099, r = 0.299).  

The month of July represented the peak nectar contribution across the study 
months, accounting for 63.3 % of the nectar production, with a total of  
240,757 g sugar. Despite a near equal number of native and non-native plant 
species in flower, native plant species dominated nectar contribution, with an 
amount of 69.5 % (167,401 g sugar) in comparison to non-native nectar 
contribution of 30.5 % (73,356 g sugar). However, the difference was not 
statistically significant (W = 883, p = 0.191, r = 0.134). 

In August, despite the highest numbers of native plant species flowering across all 
months (61.4 %), the native nectar contribution is underperforming compared to 
their native plant species share, with only 34.0 % (16,781 g sugar). On the 
contrary, non-native plant species, with 53.3 % in flower, contributed with 66.0 % 
(32,586 g sugar), for the largest proportional dominance of blossom-weighted 
nectar production recorded across all study months. August accounted for 13.0 % 
of total seasonal nectar production (49,367 g sugar). The Wilcoxon rank-sum test 
did not reach statistical significance (W = 535, p = 0.377, r = 0.106).  

The site-level breakdown of flowering plant species composition of all survey 
months is shown in Figure 10, illustrating considerable heterogeneity across all 
sites. Non-native plant species dominated the majority of the sites during all four 
months, with sites 7 and 8 in Uppsala consistently showing a large proportion of 
native plant species in flower. The site 4 in Sigtuna, site 5 in Åkersberga, site 7 in 
Uppsala and site 10 in Örebro showed an exclusively native flowering 
composition in May. Notably, site 1 and 2 in Stockholm were dominated by non-
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native species across all four months. A Spearman rank correlation was applied to 
test whether plant species with longer flowering periods produce more nectar per 
unit area. The result was not significant (ρ = 0.0150, p = 0.7969), indicating that 
flowering duration and nectar productivity are independent traits.  
 

 

Figure 10: Share of non-native flowering plant species  per site across four survey 
months. Percentages above bars indicate the non-native plant species share; 0 % 
indicates months in which exclusively native plant species were in flower. 
 

3.5 Invasion risk of non-native plant species  

The relationship between the invasive concern index and the total annual nectar 
contribution among the 57 identified non-native plant species is illustrated in 
Figure 11.  

A Spearman rank correlation revealed no significant relationship (ρ = -0.215,  
p = 0.1717) between invasive concern and nectar contribution among the 
identified non-native plant species, with the direction of the correlation being 
slightly negative. As visible in Figure 11, high nectar producers are distributed 
across the full range of categories, rather than clustering at higher index values, as 
previously assumed. Plant species such as Echinops bannaticus and Salvia 
nemorosa produce among the highest amounts of nectar, while carrying low 
invasive concern. In contrast, plant species like Amelanchier alnifolia, 
Physocarpus opulifolius, and Berberis thunbergii showed high total nectar 
production with a relatively high index of invasive concern.  
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Figure 11: Correlation between Index of invasive concern and Total annual nectar 
production among the identified non-native plant species (n = 57). Each point represents 
one plant species, dots indicate the invasion risk category, dashed lines mark an invasion 
index of 17 and the median nectar contribution. Spearman rank correlation: ρ = -0.215, 
p = 0.1717. Kruskal-Wallis test: H = 6.73, df = 4, p = 0.1508, η² = 0.048.  

A Kruskal-Wallis test supported that nectar contribution did not differ 
significantly across invasion risk categories (H = 6.73, df = 4, p = 0.1508), with a 
small effect size indicating negligible differences in categories (η² = 0.048).  
 

3.6 Hypothetical removal of non-native plant species  
In order to assess the consequences of a hypothetical removal of all non-native 
plant species and of those with high-risk, very high-risk, or potential high-risk of 
invasion, Wilcoxon signed-rank tests were applied at both site-level and monthly-
level. Figure 12 and Figure 13 are showing the percentages the proportion of total 
nectar that would be lost per site and per month in the hypothetical, targeted 
removal of non-native plant species with risk index concern. The bars visualize 
the total nectar production partitioned into the fraction retained and the fraction 
lost upon removal.  

Although both removal scenarios yielded statistically comparable results, the 
ecological magnitude differed considerably between them. Complete removal of 
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all non-native plant species would result in a mean nectar loss of 74.8 % across 
sites, with a maximum loss of 96.3 % and 10 out of 12 sites losing more than  
50 % of their total nectar production. In contrast, targeted removal of plant species 
classified with invasive risk concern, would result in a mean nectar loss of 47 % 
across sites, with the maximum loss for 75.5 % and 5 out of 12 sites exceeding the 
50 % loss threshold. Targeted removal of non-native plant species with high 
invasive risk therefore results in considerably lower ecological impact, compared 
to blanket removal of all non-native plant species. 

 

 

Figure 12: Site-level nectar loss resulting from hypothetical removal of high-risk, very 
high-risk and potential high-risk non-native plant species. Paired Wilcoxon signed-rank 
test: V = 78, p < 0.001, r = 1.007. 

At site-level, the targeted removal scenario reached high statistical significance 
with a large effect size (V = 78, p = 0.002, r = 1.007). The losses ranged from  
12.4 % on site 5 in Åkersberga to 75.5 % on site 6 in Kumla, with a mean loss 
across the sites of approximately 47.0 % (see Figure 12). Five out of the 12 sites 
showed a loss exceeding 50 % of total nectar production, namely sites 2 and 3 in 
Stockholm 2, site 4 in Sigtuna, site 6 in Kumla 6 and sites 11 and 12 in Örebro. 
The sites 7 (31.4 %) and 8 (18.8 %) in Uppsala and site 5 (12.4 %) in Åkersberga 
retained the largest share of nectar production following the targeted removal.  
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Figure 13: Monthly-level nectar loss resulting from hypothetical removal of high-risk, 
very high-risk and potential high-risk non-native plant species. Paired Wilcoxon signed-
rank test: V = 10, p = 0.063, r = 0.767. 

At monthly-level, the test was non-significant (V = 10, p = 0.063, r = 0.67), with 
the small number of pairs (n = 4) likely causing insufficient statistical power. As 
illustrated in Figure 13, May was least affected by a hypothetical removal with a 
projected loss of 2.2 %, reflecting a high dominance of non-invasive plant species. 
July, despite being the peak nectar month, was dominated by native plant species 
(69.5 %) and would be least affected proportionally, with losing only 16.4 % of 
nectar production. June and August showed the highest proportional losses under 
targeted removal (51.1% and 40.7%, respectively), indicating that these months 
are most dependent on high-risk non-native plant species.  
 

3.7 Broader ecological value by plant species origin  
A Wilcoxon rank-sum test was applied in order to assess the differences in 
biodiversity relevance between non-native and native plant species, revealing a 
highly significant difference with a moderate effect size (W = 8904, p < 0.0000,  
r = 0.475), demonstrating that native plant species score substantially higher on 
biodiversity relevance than non-native plant species (see Figure 14). 
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Figure 14: Biodiversity relevance scores of native and non-native plant species in the 
DPC species pool (scale 1-7). Boxes show median and interquartile range; whiskers 
extend to 1.5 × IQR; points show individual species. Wilcoxon rank-sum test: W = 8904, 
p < 0.001, r = 0.48. 
 
As illustrated in Figure 14, native plant species exhibited a median of 4 with an 
interquartile range of 3 to 5, while non-native plant species exhibited a median 
score of 2, with an interquartile range of 1 to 3.  

A Spearman rank correlation between the invasive concern index and biodiversity 
relevance scores among non-native plant species revealed no significant result  
(ρ = 0.148, p = 0.29), indicating that invasion risk and biodiversity relevance are 
independent dimensions within the non-native plant species pool studied. 
Consequently, the invasive concern index offers no predictive value for 
biodiversity relevance of a plant species and vice versa (see Figure 15).  
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Figure 15: Relationship between invasive concern index and biodiversity relevance score 
among non-native plant species. Each point represents one plant species. The regression 
line with 95 % confidence interval is shown for visual reference. The dashed vertical line 
marks an invasive concern index of 17 (threshold for considerable risk). Spearman rank 
correlation: ρ = 0.148, p = 0.29. 

An additional Spearman rank correlation between the nectar productivity and 
biodiversity relevance across all plant species showed no significant result  
(ρ = -0.019, p = 0.7813), confirming that nectar productivity and biodiversity 
relevance represent two independent characteristics.  

To further assess whether high-risk non-native plant species could theoretically be 
replaced by native plant species, each plant species with an invasive risk score 
was evaluated against the native plant species pool. It is important to note that 
only the theoretical existence of a replacement was tested, excluding factors of 
aesthetic suitability, commercial availability, or ecological establishment. A 
native replacement was considered feasible if at least one native plant species 
with equal or greater nectar productivity and at least one overlapping flowering 
month were present in the dataset. The results showed, that all plant species with 
high-risk (n = 13), very high-risk (n = 16) and potential high-risk (n = 25) had at 
least one theoretically viable native replacement, yielding a replacement 
feasibility of 100 % and suggesting that no non-native plant species in the studied 
pool, inhabiting invasion risk concern, is functionally irreplaceable.  
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4. Discussion 

This study set out to empirically examine nectar resource provisioning in DPCs in 
Sweden, with a particular focus on the differences of plant species origin 
regarding invasion risk, seasonal dynamics, and broader ecological value. The 
results indicate that non-native plant species can play a substantial and 
ecologically complex role in urban nectar provision by contributing 
disproportionally to total nectar production and extending floral resource 
availability into seasonally critical months, yet they scored lower in biodiversity 
relevance compared to native plant species. Rather than resolving the debate 
about plant species origin in one direction, the present findings highlight the 
inadequacy of origin as a single evaluation criterion for plant selection, and call 
for an individual plant-species-level assessment that weighs functional 
contributions against ecological risks. In the following chapter, the results will be 
discussed in relation to the theoretical framework and hypothesis of this study.  
 

4.1 Plant species richness as a predictor of nectar 
availability  

Contemporary urban plantings are frequently designed with plant species richness 
as a primary indicator of ecological value, driven by factors such as aesthetic 
preferences and marketing strategies (Sikora et al. 2020). This approach is not 
without ecological foundation. Previous studies, such as Ebeling et al. (2008) 
tested the correlation between floral abundance and pollinator visit and concluded 
a clear positive relationship between the increase in the number of flowering plant 
species and pollinator visits. Plant et al. (2025) confirmed this by stating that the 
general increase of floral diversity in urban landscapes is a key driver of pollinator 
diversity. The findings of the present study on the relationship between plant 
species richness and nectar availability reflected this dynamic. With Hypothesis 1, 
this study tested whether nectar availability in DPCs increases with plant species 
richness. Although the results did not reach scientific significance, most likely due 
to the limited statistical power of the small sample size (n = 12), the positive trend 
suggested an ecologically meaningful relationship, demonstrating that sites with 
higher plant species richness tend to produce more nectar.  
 
However, a growing body of evidence indicates that it is particularly the 
composition and identity of the plant species present, rather than the plant species 
richness itself, which ultimately determines the visit frequency and further the 
ecological output (Ebeling et al. 2008; Cameron & Blanuša 2016). The findings 
by Garbuzov and Ratnieks (2014) further emphasized the importance of plant 
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species selection, demonstrating that even small differences in plant species 
composition can produce approximately 100-fold variation in pollinator 
attractiveness among aesthetically comparable ornamental plants. This mismatch 
between various scientific findings and current practices in green space 
maintenance, particularly regarding the selection of plant species, is a topic of 
current debate (Berthon et al. 2021; Wang et al. 2024).  
 
The results of the present study reflected this debate. There is considerable 
variation observed across the sites, as visualized by the 95 % confidence interval 
in Figure 2, indicated an arguably great variability among the sites. This showed 
that the ecological value of plant communities cannot be determined by a plant 
species count itself, as it is the plant species identity that drives nectar output 
beyond what plant species richness alone can predict (Tew et al. 2021). This is 
most clearly illustrated by the substantial outlier pattern, which occurred in the 
results with site 1 and site 3 in Stockholm, containing disproportionately high 
nectar production relative to their plant species richness, in comparison to site 11 
in Örebro, which revealed the opposite pattern of high plant species richness but 
comparatively low nectar production.  
 
Particularly, the result of site 3 in Stockholm was noteworthy, as the site yielded 
the highest number of total annual nectar production across all 12 sites  
(706,690 g sugar yr-1), yet containing a moderate number of plant species  
(n = 60). A closer inspection of the plant species composition revealed that only a 
small number of plant species drove this exceptional productivity, namely 
Echinops bannaticus, Eutrochium maculatum, and Brunnera macrophylla. 
Collectively, they accounted for approximately 40 % (276,869 g sugar yr-1) of the 
site’s total annual nectar production. This finding was consistent with the study by 
Hicks et al. (2016), who demonstrated that throughout the season, floral resources 
on meadow areas are typically dominated by just four to five plant species, 
regardless of the plant species richness itself. Warzecha et al. (2018) further 
validated this finding, by stating that, although seed mixes differed significantly in 
their attractiveness to flower visitors, it was the presence of key flower species, 
not floral diversity, that determined the pollinator support. The study showed that 
just 14 key plant species were sufficient to support the entire local pollinator 
community across all seed mixtures, with the four most important plant species 
alone accounting for 81 % of all recorded pollinator species. This indicates that 
while diversity brings certain benefits, the presence of additional plant species 
does not guarantee an increase in pollinators.  
 
Site 11 in Örebro revealed the reverse case, as it hosted the highest plant species 
richness across all sites (n = 113), while simultaneously revealing one of the 
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lowest annual nectar productions (50,147 g sugar yr-1). An analysis of the 
distribution of the nectar production scale provided insight into this variation. 
While approximately 57 % of the plant species present fell into nectar scale 
classes 1 through 4, which corresponds to a productivity of 17.8 g of sugar m-2 
year-1 or less, only one plant species (1.5 %) was represented in the highest 
productivity class. Even the most productive plant species at site 11, Salvia 
nemorosa, with 9,170 g sugar yr-1 produced less than one-tenth of what Echinops 
bannaticus contributed at the site 3 in Stockholm alone. The results directly 
reflected the dilution effect, described in the study by Ebeling et al. (2008), 
indicating that with the increase of plant species numbers, highly rewarding plant 
species may become diluted among less attractive ones, as pollinators disperse 
across more options. This consequently reduces the concentration of high-quality 
resources available at any given plant species and may lead to the result that a 
community with few but highly productive plant species is more ecologically 
valuable than one of high diversity but medium productivity. Tew et al. (2021) 
confirms this as well, by highlighting that a moderate number of well-chosen, 
highly productive plant species can outperform a much more diverse community 
in terms of actual resource provision. The results of this study were also 
consistent with the saturation effect, described in Ebeling et al. (2008), yet an 
accurate evaluation of this was not possible within the scope of the present study, 
as additional pollinator visitation data would have been required.  
 
The absence of a significant relationship between the proportion of non-native 
plant species and nectar productivity per unit area, as well as between site area 
and area-normalized nectar production further confirmed that neither the 
numerical representation nor the size of a site determines the nectar availability. 
Rather, it is the identity of individual plant species that drives nectar output 
beyond what plant species richness or origin alone can predict. This is supported 
by Gunnarsson & Federsel (2014), who reported that in urban gardens of Sweden, 
the presence of certain attractive plant species was the decisive factor for bee 
populations, regardless of garden or flowerbed size. 
 

4.2 Comparison of nectar productivity of native and 
non-native plant species  

As the appropriate selection of plant species in urban environments is currently 
attracting great interest (Berthon et al. 2021), the question arises as to how the 
total nectar contribution of non-native plant species differs from that of native 
plant species. Hypothesis 2 of the present study tested, if non-native plant species 
account for disproportionately large share of total nectar availability relative to 
their proportion of plant species richness and the findings supported the 



41 
 

 

assumption, as non-native plant species indeed contributed disproportionately 
more nectar than their plant species richness alone would have predicted. This is 
consistent with Tew et al. (2021), who illustrated, that exotic flowering plants 
contribute substantially to the supply of nectar and pollen in urban landscapes. 
Additionally, Morales & Traveset (2009) describe that pollinator species for 
which pollination is crucial for successful establishment are further evolutionarily 
predisposed toward higher floral quality and quantity.  
 
The study revealed that while the median percentage of non-native nectar share in 
nectar production accounted for up to 87.47 %, the median percentage of non-
native plant species accounted for only 67.93 %, illustrating that non-native plant 
species produced 20 % more nectar across all sites, than their plant species share 
would have predicted. The mean of non-native nectar share accounted to only 
74.8 %, which is particularly driven by the sites with high native plant species 
share, such as site 7 in Uppsala (56.1 % native plant species), site 8 in Uppsala 
(76.5 % native plant species) and site 10 in Örebro (55.3 % native plant species).  
 
A closer look at the gap between the percentages of non-native plant species and 
their proportional contribution to nectar production, as visualized in Figure 18 in 
the Appendix, revealed major differences across the study sites. Site 1 in 
Stockholm showed the largest positive gap of all sites, with non-native plant 
species contributing 37.5 % more nectar than their share would have predicted. 
Despite representing only 55.7 % of the plant species, they contributed to 93.2 % 
of the total annual nectar production. Similar patterns were visible for the site 6 in 
Kumla (+28.9 %) and site 5 in Åkersberga (+25.8 %). This illustrates that the 
disproportionate contribution of total nectar production occurs not simply because 
of the dominance of non-native plant species, but is particularly driven by the 
individual productivity of a small number of non-native plant species that 
consistently outperform the native plant species present, confirming once more 
that individuality matters far more than origin itself (Davis et al. 2011).  
 
Notably, three out of the twelve study sites, namely site 7 in Uppsala (with  
-6.94 %), site 10 in Örebro (with -5.50 %), and site 11 in Örebro (with -18.0 %) 
showed a negative gap, indicating that the share of non-native plant species at 
these sites exceeds their total annual nectar contribution. Site 11 in Örebro is 
particularly outstanding, as it contains the highest number of non-native plant 
species with 80.5 %, yet contributing only 62.5 % of non-native nectar. This 
reflects the pattern, of low level productivity of individual non-native plant 
species present, as discussed in 4.1. By examining site 7 and site 8 in Uppsala, a 
contrasting explanation is possible, as the reason for the low number of non-native 
contribution is not driven by low nectar producing non-native plant species, but 
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rather by the exceptionally high nectar producing individual native plant species 
present, including Centaurea jacea, Knautia arvensis and Trifolium repens, 
collectively reducing the dependency on non-native nectar contribution. This 
finding makes it clear that the disproportionately high proportion of non-native 
plant species observed at most sites is not a characteristic of the established plant 
communities themselves, but rather a consequence of inadequate planning and a 
failure to consider the ecological value of individual plant species. This result 
finds support from Brocki et al. (2025), who emphasize the importance of 
deliberate management strategies, including plant species selection, in order to 
enhance overall biodiversity.  

At the plant species level, it was assumed, that non-native plant species exhibit a 
higher individual nectar productivity than native plant species, as identified by 
nectar production per unit area and sugar content per flower. The results 
confirmed this expectation with statistical significance. Despite native and non-
native plant species sharing the identical minimum and maximum nectar 
productivity values of 0 – 282 g sugar m-2 yr-1 (see Figure 6), which indicated that 
both groups were equally poor or equally exceptional nectar producers, major 
differences occurred in the IQR (see Figure 5). Not only did the Q25 for non-
native plant species (10 g sugar m-2 yr-1) exceed the Q25 for native plant species 
(1,5 g sugar m-2 yr-1) by a factor of 6.7, 75 % of the native plant species produced 
a maximum of 31,6 g sugar m-2 yr-1, which corresponded with the median value 
for non-native plant species. The larger difference between the median and the 
mean of native plant species (10 vs. 31,1 g sugar m-2 yr-1) compared to non-native 
plant species (31,6 vs. 41,0 g sugar m-2 yr-1) further indicated that the native plant 
plant species pool was more polarized, meaning that just a small number of 
exceptional outliers were pulling the mean upward, while the majority remained 
in the lower productivity range. The median nectar productivity being 3.16 times 
higher than the productivity of native plant species showed a systematic upward 
shift across nectar scale classes. Non-native plant species were thereby more 
frequently represented in the higher nectar scale classes 5 through 7, accounting 
for 47.1 % in comparison to the native plant species with 37.1 %, while being 
underrepresented in the lower nectar scale classes 1 through 3. This upward shift 
can be interepreted as the result of decades of deliberate horticultural selection 
and human-based filtering, as landscape designers have historically favored non-
native plant species precisely because of their high floral productivity and 
attractiveness to pollinators, which has led to an increased use of non-native plant 
species (Stout & Morales 2009; Wang et al. 2024). This was evident in the 
family-level patterns of the present dataset, with Lamiaceae and Asteraceae 
dominating non-native nectar production through genera such as Salvia, Echinops, 
and Knautia.  
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A similar pattern emerged by comparing sugar content per flower and plant 
origin. While both groups shared the same median (375 µg flower-1 day-1) and 
identical extremes (0 – 7500 µg flower-1 day-1), the lowest 25% of non-native 
plant species exhibited more than double the sugar content per flower (175 µg 
flower-1 day-1), as native plant species (75 µg flower-1 day-1). Further, 75 % of the 
non-native plant species substantially exceeded the corresponding threshold for 
native plant species. This showed that non-native plant species had a lower risk of 
being poor nectar providers and a higher probability of being exceptional ones. 
The finding by Tew et al. (2021) confirmed this result by stating that non-native 
plant species are ultimately a more reliable choice when consistent nectar quality 
is the primary selection criterion.  
 
The small effect size and considerable overlap occurring in both results confirmed 
that origin alone is a weak predictor of individual nectar productivity. The native 
plant species Centaurea jacea served as a strong example here, as it exhibited the 
highest sugar content per flower of all plant species in the dataset (7500 µg 
flower-1 day-1), exceeding every non-native plant species recorded. The 
productivity advantage was therefore not a purely biological phenomenon but 
rather depended on the choice of plant species, as asserted by Davis et al. (2011), 
who claimed that an evaluation based on performance rather than origin is best 
practice.  
 

4.3 Seasonal patterns in native and non-native nectar 
production 

Since the timing of floral blooming is influenced by the geographic origin a plant 
species evolved in, as documented by Godoy et al. (2009), native and non-native 
plant species exhibit distinct and complementary seasonal patterns of floral 
resource availability. Hypothesis 4 assumed, whether non-native plant species 
extend seasonal nectar availability by contributing proportionally more during 
months when native plant species are underrepresented. As expected, the results 
of the present study partially supported the assumption, by demonstrating a 
temporally structured pattern, in which the prevalence of non-native plant species 
shifted across all four study months, yet contributed significantly to nectar 
production during periods when native plant species were less represented. 

 
The month of May was dominated by native plant species contributing 87.67 % of 
nectar productivity, despite their small proportion of only 30.1 % of plant species 
in flower. This strong overperformance indicated that only a small number of 
highly productive early-flowering native plant species drove early-season nectar 
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supply, most notably Salix repens and Salix caprea, which together accounted for 
the majority of native nectar production in May. This finding was consistent with  
Hicks et al. (2016), who argued that certain key plant species dominate seasonal 
nectar at any given time, regardless of overall plant species richness. Across the 
four study months, the lowest amount of nectar was produced in May, 
contributing a mere of 6.9 %  to the total nectar production. This can have 
significant consequences for  pollinators, as Horn et al. (2016) noted, stating that 
even strong honeybee colonies face a threat to their existence when nectar 
shortages occur. Warzecha et al. (2018) further outlined, that the provision of 
flower resources is essential as those gaps might prevent pollinators from 
completing their life cycle. The low proportion of non-native plant species in May 
(12.30 %) suggested that there was a gap in the nectar supply, which could be 
filled primarily by early-blooming non-native plant species, which thereby make a 
significant contribution to supporting pollinators. This observation was consistent 
with Salisbury et al. (2015), who emphasized that careful selection of exotic 
plants can provide resources for pollinators, extending the flowering season when 
native plant species are scarce.   
 
During the month of June, non-native plant species in flower started to accelerate, 
resulting in the percentages of flowering native and non-native plant species being 
roughly the same (44.4 % native vs. 41.4 % non-native). Yet, the share of monthly 
nectar production was exceeded by non-native plant species, accounting to 62.1 % 
in comparison to native nectar production with 37.9 %. The month of June was 
the only month that reached statistical significance, meaning that the observed 
dominance of non-native nectar production cannot be attributed to a higher 
number of flowering non-native plant species, rather it reflects a genuine 
productivity advantage of non-native plant species during this month. This finding 
was supported by Staab et al. (2020), who observed that exotic plant species 
gained importance for polliantors in high summer, with their relative contribution 
increasing as the season progressed.  
 
The opposite finding occurred in July, which was indicated as the peak season of 
nectar provision. Although the share of plant species in flower was nearly 
identical to that in June, with about 42.6 % of non-native plant species and 41.8 % 
of native plant species, the nectar production was primarily driven by native plant 
species, with an amount of 69.5 % compared to non-native plant species with  
30.5 %. This pattern aligned with the study by Salisbury et al. (2015), who 
demonstrated that native and near-native plant assemblages attracted significantly 
more pollinators than exotic plants at typical floral resource availability, with 
exotic plant species recording approximately 40 % fewer flower visitors.   
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In the study month of August, the balance switched again completely, with native 
plant species underperforming, representing a share of 61.4 % plant species in 
flower and only contributing 34 % to the nectar production, leading to a negative 
gap of -27.4 %. Harris et al. (2024) supported this finding by identifying August 
as the most resource-limited month for pollinators in Europe, due to declining 
floral availability in the late season. This observation further reflected the finding 
in June and the statement of Staab et al. (2020), as the contribution of exotic plant 
species increased. The present study revealed that the native nectar deficit was 
actively being filled by a small number of highly productive non-native plant 
species, contributing 66 % of nectar productivity in August, most notably 
Echinops bannaticus, Eutrochium maculatum, and Salvia nemorosa, all belonging 
to Lamiaceae and Asteraceae. This pattern was consistent with the finding of 
Hicks et al. (2016), who stated that ultimately a small number of plant species 
dominate seasonal nectar availability rather than a variety of floral resources. 
While non-native dominance was proportionally greatest in August, June was the 
only month to reach statistical significance. This was likely due to lower absolute 
nectar values and greater site-level variability in August, resulting in a reduced 
statistical power rather than indicating a less meaningful pattern in August.  
 
The absence of the relationship between flowering duration and nectar 
productivity per unit area indicated that the temporal continuity of resource 
provision and nectar productivity were independent dimensions that must be 
considered separately. This has direct implications for plant species selection in 
DPCs, as plant species that flower across all four survey months do not 
necessarily produce more nectar per area than plant species that flower for a 
single month. Warzecha et al. (2018) supports this, by stating that although long-
flowering plant species tend to contribute to phenological continuity, they cannot 
be selected as high-value nectar providers on the basis of flowering duration 
alone. This reinforces the broader argument that plant species selection in DPCs 
must be guided by explicit knowledge of individual nectar productivity rather than 
by using flowering phenology as a proxy for productivity (Sikora et al. 2020; 
Brocki et al. 2025). Given the fact that the monthly blossom data was collected in 
a single year, it is further uncertain if the seasonal pattern observed reflected a 
consistent annual dynamic or if the result was partly shaped by specific annual 
conditions. Timberlake et al. (2019) documented that shifts in flowering 
phenology can cause substantial changes in the timing and magnitude of nectar 
availability across seasons. The findings of this study may therefore not be 
equally pronounced in all years. Yet, the fact that flowering phenology is 
influenced by geographic origin suggests that the broad seasonal complementarity 
between native and non-native plant species is likely a recurring pattern rather 
than a coincidence of a single year (Godoy et al. 2009). Therefore, the targeted 



46 
 

 

selection of plant species with complementary and sequential flowering periods, 
especially during periods of greatest resource scarcity, is considered to be an 
opportunity to ensure continuous nectar supply throughout the foraging season 
(Warzecha et al. 2018; Llodrà-Llabrés & Cariñanos 2022).  
 

4.4 Invasion risk as independent plant species trait 
Non-native species across taxonomic groups are frequently presumed to cause 
harm or distress, as they are often referred to by using terms such as “alien”, 
“enemy”, or “invader” (Larson 2005). The use of these labels have ultimately 
resulted in a negative stigmatization that extended beyond species alone (Larson 
2005), overshadowing the positive characteristics of individual species (Kowarik 
2011). In the plant species context, this led to native plant species often being 
given priority in selection, as Berthon et al. (2021) pointed out in their paper, 
stating, “When in doubt, plant native”. Despite this ongoing native-plant-species-
only policy, numerous studies, such as Teixera et al. (2022), demanded the use of 
plant species mixture in urban areas, as they may be better adapted to deal with 
disturbances.  
 
Due to this debate, Hypothesis 5 assumed that there is a correlation between the 
risk of invasiveness and the total annual nectar contribution among non-native 
plant species with invasive concern. Contrary to expectations, the results revealed 
no significant relationship, suggesting that invasion risk and nectar productivity 
are two independent plant species traits. As visualized in Figure 11, non-native 
nectar producers are scattered across the full range of invasion risk categories, 
rather than clustering at high-risk values. A key issue in this context is the 
frequent and frivolous use of the terms “non-native” and “invasive” in both 
scientific and public discourse, as Davis et al. (2011) have already noted. This 
distinction is rarely made consciously, yet it is of fundamental importance, as it 
can lead to negative implications for how non-native plant species are treated in 
greening policy and practice, although it does not reflect ecological reality 
(Kendle & Rose 2000). This argument aligned with Kowarik (2011), who stated 
that the introduction of non-native plant species reflects a complex situation, as 
invasiveness per se is not a fundamental property of non-native plant species, but 
rather a characteristic tied to particular ecological traits. The finding was 
supported by the recent report of IPBES (2023), which noted that though non-
native pecies across all taxonomic groups are responsible for 60 % of documented 
species extinctions worldwide, only a small fraction of non-native species (3,500 
out of more than 37,000 known species), with the vast majority causing no 
measurable ecological harm. 
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A closer inspection of the individual plant species in the dataset further illustrates 
this pattern. The five highest non-native nectar producers, carries an invasive 
concern below 10, classified as no-risk, namely Echinops bannaticus, Salvia 
nemorosa, Salvia x sylvestris, Lavandula angustifolia, and Inula helenium, which 
all together contributed approximately 438,000 g sugar yr-1 of total annual nectar 
across all sites. In contrast, the seven non-native plant species, classified as 
considerable or severe invasion risk (see Figure 11), namely Amelanchier 
alnifolia, Physocarpus opulifolius, Berberis thunbergia, Solidago canadensis, 
Cornus sericea, Prunus cerasifera, and Cerastium tomentosum, collectively 
contributed only approximately 132,000 g sugar yr-1. Remarkably, this is less than 
Echinops bannaticus alone produced (158,742 g sugar yr-1). Consequently, this 
contrast directly refuted the feared trade-off that the most ecologically valuable 
non-native nectar sources are simultaneously the most invasive plant species. This 
was also illustrated in the literature, as Potgieter et al. (2017) suggested that non-
native plant species are not entirely negative, leading to ecological trade-offs, 
which ultimately means that their benefits have to be weighed against their 
potential disservices. These species-level patterns collectively illustrates that the 
trade-off between nectar productivity and invasion risk is not uniform, but highly 
context-dependent and species-specific. This complexity was reflected by Teixera 
et al. (2022), who mention that plant species selection should be based on an 
integrated assessment of ecological function, invasive potential, and public 
perception, rather than origin alone. The present study supported this call, as the 
absence of a significant connection between risk invasion and nectar productivity 
confirms that the two dimensions operate independently. Suggested management 
implications should therefore include a selective rather than precautionary 
approach to non-native plant species. 

 

4.5 Ecological consequences under non-native plant 
species removal 

The removal of non-native plant species with high invasion risk represents one of 
the most practical management decisions in the context of designed plant 
communities, as it directly determines the ecological trade-off between reducing 
invasion risk and maintaining nectar availability (Dunnett & Hitchmough 2004). 
However, as Teixeria et al. (2022) emphasize, this decision is rarely 
straightforward, as non-native plant species often perform ecological functions 
that native plant species have not yet established to fulfill.  

In order to understand the consequences of removal, Hypothesis 6 tested what 
happens to the nectar supply under removal and predicted that targeted removal 
would significantly reduce nectar availability at both site and monthly scales. 
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Therefore, two hypothetical removal scenarios got tested: the complete removal of 
all non-native plant species and the targeted removal of non-native plant species 
with invasive concern. As expected, both scenarios yielded statistically significant 
results yet differed considerably in their environmental impacts. The complete 
removal of non-native plant species accounted for a mean nectar loss of 74.8 %, 
with ten out of 12 sites losing more than 50 % of their total nectar production. In 
contrast, by targeted removal of non-native plant species with high-risk, very 
high-risk, or potential high-risk invasive concern, the mean nectar loss resulted in 
47 % across all sites, with five out of 12 sites exceeding the 50 % threshold. This 
demonstrated that a risk-differentiated management approach would preserve 
substantially more nectar resources than blanket removal, without abandoning 
conservation objectives.  

By taking a closer look at the removal on the site level, the considerable variation 
in nectar loss (see Figure 12) reflected the heterogeneity in plant species 
composition across the studied DPC sites. Sites with high losses of nectar 
productivity, namely site 6 in Kumla (75.5 %), site 4 in Sigtuna (72.9 %) and site 
2 in Stockholm (67.8 %) were characterized by low native nectar contribution, 
meaning that even a small number of non-native plant species with invasive 
concern represented a large share of total nectar production, leaving the sites 
particularly vulnerable to their removal. Beyond a certain threshold of resource 
loss, a critical transition, as described by Lever et al. (2014), can occur, in which 
the interdependent structure of plant-pollinator communities can trigger a sudden 
and disproportionate collapse, resulting in multiple tipping points (Rhodes 2018), 
after which a return to the prior state of transition would often not be sufficient. 
This is particularly acute at sites with a low number of native plant species. In 
contrast, sites 7 and 8 in Uppsala retained the largest share of nectar production 
after targeted removal. This low dependency is no coincidence, as the sites 
harbored highly productive native plant species, particularly Centaurea jacea, 
which alone contributed 44.28 % of nectar production on site 7 and 25.28 % on 
site 8. The sites in Uppsala, represented a replicable model for deliberate, 
ecologically informed, and native-led DPC design, demonstrating that the 
functional dependency on non-native plant species can be substantially reduced 
through targeted selection of high-performing native plant species alternatives. 
This aligns with the performance-based, rather than origin-based assessment in 
plant species, advocated by Davis et al. (2011). The low nectar loss on site 5 in 
Åkersberga, indicated a methodological limitation rather than an ecological 
achievement, as most non-native plant species present carried either “native” or 
“no data” classification, demanding a cautious interpretation of the results.  
 
At the monthly level, May was the least affected by removal of non-native plant 
species, which was due to the low dominance by non-native invasive plant 
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species, contributing to only 2.2 % of nectar production. Similarly, the month of 
July showed a loss of 16.4 %, reflecting the high contribution of native plant 
species. In contrary to these months, June and August showed the highest 
proportional losses under targeted removal, with 51.1 % in June and 40.7 % in 
August, a pattern fully consistent with the seasonal findings discussed in 4.3, 
representing that non-native plant species were most active during these months. 
June losses were predominantly driven by Amelanchier alnifolia (with 97,311 g 
sugar yr-1) and Physocarpus opulifolius (with 24,044 g sugar yr-1), both from the 
family Rosaceae, which collectively account for nearly all high-risk nectar loss in 
June. In August, the nectar loss was mainly driven by only one high-risk plant 
species, namely Solidago canadensis (2,551 g sugar yr-1), indicating that the 
broader nectar dependency in August was largely sustained by low-risk rather 
than high-risk plant species. With August identified as the most critical month for 
pollinator survival (Harris et al. 2024), a hypothetical extension to include 
moderate-risk plant species for removal could result in a substantially larger 
reduction in nectar availability with major consequences for pollinator 
communities depending on late-season resources.  
The findings reflected the complexity of hypothetical removal, emphasizing the 
need for a gradual and strategic approach. Teixeira et al. (2022) pointed out that 
non-native plant species already fulfill certain ecological functions or even serve 
as temporary solutions in situations where native fauna is still establishing. The 
Driver-Passenger-Modell by MacDouglass & Turkington (2005) underlined this, 
by illustrating that not all non-native plant species are inherently harmful, as many 
expand primarily because anthropogenic management has already created 
conditions that favor them rather than actively displacing native taxa. In this 
sense, a displacement of non-native taxa with native taxa would not ultimately 
restore communities, as long as the underlying disturbance regime would not be 
addressed. Plant species with future risks should therefore be closely monitored 
and flagged rather than removed prematurely (Fernandes et al. 2018), as they 
might be helpful with future disturbances. Schlaepfer et al. (2011) supported this 
argument, by illustrating that non-native plant species tolerate a wide range of 
biotic and abiotic conditions. A blanket removal policy, purely based on origin, 
could therefore eliminate plant species that may prove ecologically valuable in a 
rapidly changing urban future environment.  
 
When considering removal, a risk-differentiated management approach, in which 
high-risk non-native plant species are gradually and selectively replaced by high-
quality native alternatives, emerged as the most ecologically sound strategy. The 
present study tested whether, within the studied plant species pool, suitable native 
replacements for the non-native plant species with invasive concern existed. The 
test confirmed this, as 100 % of the non-native plant species with invasive 
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concerns had a feasible replacement. Notably, this is solely reflecting a theoretical 
assessment, as values, such as local site conditions, ecological feasibility of plant 
species, or commercial availability, were not accounted for. Practical 
implementation remains considerably complex, requiring a thorough assessment 
of each plant species. This aligned with Krauel and LeBuhn (2016), as they 
emphasized that rapidly or poorly planned transitions can inadvertently harm the 
pollinator communities they aim to support, by simultaneously decreasing 
foraging activity. According to them, the removal of non-native plant species 
should not be considered as a possibility of structural change in order to increase 
native plant diversity and should rather be carefully managed. Davis et al. (2011) 
supported this view by pointing out that restoring the habitat to a “historical state” 
is unrealistic and infeasible, and instead they advocated for the development of 
new ecosystems and approaches better adapted to the current state of our 
changing environment. 
 

4.6 Broader ecological value of native vs. non-native 
plant species  

According to Potgieter et al. (2017), the mere availability of nectar does not 
capture the full ecological value of plant species, as a wide range of ecosystem 
services is particularly important for maintaining a robust pollinator community in 
the long term. The biodiversity relevance is therefore a meaningful metric that 
describes the number of species or organisms that use or depend on a certain plant 
species not only as a food source, but also as a habitat, substrate, or mutualistic 
partner, as described in Tyler et al. (2021).  
 
Hpothesis 7 of the present study compared the dimension of biodiversity 
relevance of native and non-native plant species and came to the conclusion that 
native plant species scored significantly higher, with a median score of 4, 
compared to non-native plant species exhibiting a median score of 2. The 
evolutionary explanation for this pattern is well established, as Berthon et al. 
(2021) mentions, that animals tend to be better adapted to using plant species they 
co-evolved with, rather than plant species that were introduced. This is further 
supported by Rollings & Goulson (2019), who found that native plant species 
attracted a significantly higher diversity of flower-visiting insects even when total 
pollinator abundance was equal between native and non-native plant species. 
 
Yet, the progressive decline of native taxa and the maintained high number of 
non-native plant species in urban areas, does not only result in a lower 
biodiversity relevance, but also leads to the creation of simplified pollinator 
communities, as native plant species have been found to attract more specialized 
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individuals in comparison to non-native plant species (Zaninotto et al. 2023). 
Wenzel et al. (2020) documented further that urban areas have a particularly huge 
effect on the generalist-specialist continuum. The present results reinforced this 
concern, as a DPC dominated by high-nectar producing non-native plant species 
may appear ecologically productive, yet simultaneously support fewer ecosystem 
functions associated with high-quality habitat.  

 
A further important finding was that nectar productivity and biodiversity 
relevance represented entirely independent traits across all plant species, which 
indicates that the deliberate DPC plant species selection with a focus on nectar 
supply does not automatically deliver biodiversity benefits, and vice versa. This 
was most clearly illustrated by contrasting individual plant species of the 
datapool: Echinops bannaticus, with the highest non-native nectar production 
(158,742 g sugar yr-1), scored a biodiversity relevance of 2. In contrast, Salix 
repens achieved the highest biodiversity relevance in the entire dataset, with 7, 
while simultaneously contributing 48,963 g sugar yr-1. Centaurea jacea, the single 
most productive native plant species (with 116,279 g sugar yr-1) carried a 
biodiversity relevance of 5 and Achillea millefolium combined a biodiversity 
relevance score of 6 with 30,197 g sugar yr-1. The top 10 native nectar producers 
showed a median biodiversity relevance of 5, compared to the top 10 of non-
native nectar producers with a median biodiversity relevance of 2. Despite the 
definitional complexity of nativeness, native plant species consistently 
outperformed non-native plant species in terms of biodiversity relevance, as they 
were more likely to simultaneously provide nectar and deliver ecological value, as 
noted by Berthon et al. (2021). Fontaine et al. (2005) further elaborated that a 
planting optimized exclusively for nectar provision, composed entirely of high-
nectar non-native plant species may attract many pollinators by providing a 
provisioning ecosystem service, but simultaneously sacrifice supporting 
ecosystem services, resulting in fewer specialist invertebrates, fewer network 
connections and fewer ecosystem functions associated with high-quality habitats. 
It is therefore ecologically worthwhile to prioritize plant species that are both high 
in nectar productivity and ecologically well connected. Furthermore, investing in 
a near-natural green space management is not just ecologically justified, but also 
financially viable, as Elmqvist et al. (2015) acknowledge that such transitions can 
significantly reduce operating costs once resource-intensive management 
practices are replaced by self-sustaining alternatives. 
 
Another particularly important finding in this context was the independence of 
invasion risk and biodiversity relevance among non-native plant species, as this 
means that a great invasive concern cannot be used as a proxy for low biodiversity 
relevance, and vice versa. Prunus cerasifera, for example, carried a considerable 



52 
 

 

risk classification (19.8), yet scored a biodiversity relevance of 6, while Pyrus 
communis combined a no-risk classification (8.1) with an equally high 
biodiversity relevance score of 6, and Solidago canadensis, despite its severe risk 
classification (23.2), scored only 4 on biodiversity relevance. This illustrates that 
neither high invasion risk nor high biodiversity relevance can be inferred from the 
other, meaning that management decisions must consider both dimensions 
independently. This once more reinforced the case made by Teixeira et al. (2022) 
that species selection should involve an integrated assessment of ecological 
function on a species-by-species basis. 
 

4.7 Methodological limitations and future directions 
The present study is subject to several methodological limitations that warrant 
careful consideration when interpreting the results.  
 
Nectar productivity values were available for 73.9 % of all plant species, with a 
considerably higher coverage for native plant species (92.9 %) than for non-native 
plant species (62.2 %), reflecting a structural gap in current nectar databases, that 
have historically prioritized native flora. The remaining 26.1 % of plant species 
with missing values, the mean value of confamilial plant species was used as 
proxy, yet the ordinal scale structure limits the impact of imputation errors. Future 
studies would benefit from expanded databases that include non-native plant 
species commonly used in DPCs.  
 
The temporal resolution presents a further limitation. Total coverage was recorded 
only once per site, failing to capture seasonal shifts in plant species dominance, or 
the contribution of early-and-late-flowering plant species. Similarly, blossom 
cover data was restricted to May through August and collected in a single year, 
meaning the seasonal analysis presented in this study represents an estimate rather 
than a complete annual result. Future studies should extend the temporal scope to 
multiple years and broader range of survey months.   
 
The small sample size of n = 12 sites limits statistical power across multiple 
analyses. Further, the study was only performed in a small geographical range of 
Sweden. Future studies are suggested to include a larger, more geographically 
diverse sample of DPC sites in order to strengthen the validity of the findings and 
allow for more nuanced site-level comparisons.  
 
The results of H1 were consistent with the saturation effect, described by Ebeling 
et al. (2008), however pollinator visitation data would have been required for an 
accurate evaluation. Notably, pollinator visitation data for the study sites did exist, 
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but their analysis of these fell outside the scope of this study given the time 
constraints. While nectar productivity values alone serve as a proxy for floral 
resource values, they cannot fully capture the complexity of plant-pollinator 
interactions. Future studies should combine the nectar quantifications with 
available pollinator monitoring data for a complete assessment.  
 
While biodiversity relevance was compared between non-native and native plant 
species, accurate testing of the specialist-generalist continuum, including network 
connectivity, could not be performed. In order to do so, empirical plant-pollinator 
interaction data, including species-level specialization indices and network 
connectivity metrics, would have been required. 
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5. Conclusion  

The deliberate selection of plant species in designed plant communities  
represents one of the most directly applicable interventions for improving floral 
resource provision in urban areas and, therefore, one of the most important tools 
available for addressing pollinator decline. This thesis set out to empirically 
assess the ecological role of native and non-native plant species in urban nectar 
provision across 12 DPCs in Sweden, with a particular focus on seasonal 
dynamics of floral resource availability, invasion risk, and broader ecological 
value. Additionally, the study examined the relationship between plant species 
richness and the increase in site area with nectar productivity, as well as the 
ecological consequences of hypothetical non-native plant species removal.   

 
The results collectively demonstrated that neither plant species origin nor plant 
species richness alone is a sufficient basis for evaluating the ecological value of 
urban plantings. Non-native plant species dominated nectar production at most 
sites, contributing a mean of 74.8 % of total annual nectar, despite representing a 
smaller share of plant species richness. At the species-level, non-native plant 
species showed a median nectar productivity 3.16 times higher than native plant 
species, with a systematic upward shift across nectar productivity scale classes, 
confirming a consistent productivity advantage rather than the influence of a few 
individual outliers. The identity of individual plant species, rather than their origin 
or the overall diversity of the community, consistently proved to be the decisive 
factor driving nectar output. Regarding seasonal dynamics, non-native plant 
species filled critical resource gaps that native plant species alone were not able to 
cover, demonstrating a complementary and ecologically meaningful contribution 
to floral resource provision throughout the season. The absence of a significant 
relationship between nectar productivity and invasion risk directly refutes the 
assumption that the most ecologically valuable non-native plant species are 
simultaneously the most invasive. Nevertheless, the projected mean loss of 47 % 
of nectar production under targeted removal of high-invasive plant species 
highlighted the considerable functional dependence on non-native plant species 
that currently exists across the studied sites. While non-native plant species 
proved ecologically valuable in terms of nectar provision, native plant species 
demonstrated a fundamentally different dimension of ecological contribution, 
scoring significantly higher in biodiversity relevance. Since nectar productivity 
and biodiversity relevance were found to be independent traits, optimizing 
planting for nectar provision does not automatically deliver broader biodiversity 
benefits. Theoretically viable native replacements were identified for all invasive 
non-native plant species in the studied pool, suggesting that functional 
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substitution is possible, though practical implementation requires careful and 
gradual planning. 

 
Taken together, these findings call for a fundamental shift away from origin-based 
plant species selection toward individual, function-based evaluations that 
simultaneously consider broader ecological value beyond nectar availability, with 
direct implications for urban green space management and policy. The 
considerable functional contributions of non-native plant species to nectar 
provision and seasonal resources continuity should not be overlooked, as many 
already fulfil ecological roles that native plant species have not yet established. 
An indiscriminate removal, thereby, would risk creating substantial gaps in floral 
resource provision without necessarily delivering the intended biodiversity gains. 
Instead, a risk-differentiated approach, including the evaluation of non-native 
plant species individually for both ecological contribution and invasion risk, 
preserves substantially more nectar resources than blanket removal based on 
origin alone. If appropriately managed, non-native plant species can provide 
complementary ecological benefits that native plant species alone are currently 
not capable of covering.  
 
In the context of accelerating environmental change and increasing urbanization, 
maintaining functional diversity through deliberate plant species selection 
represents a more adaptive and resilient management strategy than classification 
based on origin alone, simultaneously serving pollinator support and biodiversity 
conservation goals. 
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Popular science summary 

Bees, butterflies, and other pollinating insects are in decline worldwide, with the 
loss of floral resources considered one of the main reasons for this. Despite their 
reputation as places of habitat loss and fragmentation, urban areas can 
surprisingly harbor species-rich pollinator communities, as they often have greater 
floral diversity and density than surrounding rural areas. However, the extent to 
which urban green spaces actually support pollinators depends crucially on the 
composition of the plant species. 

 
Designed plant communities (DPCs) represent a deliberate approach to urban 
greening, combining plant species selected for both aesthetic and ecological 
objectives, with the explicit aim of supporting pollinating insects while reducing 
management costs. Implemented across parks, roadsides and public squares 
through Sweden and northern Europe, DPCs typically contain a high proportion 
of non-native plant species, often for horticultural purposes. While non-native 
plant species are valued for their adaptability to urban conditions and extended 
flower periods, their use remains ecologically contested, particularly regarding 
risk of invasion and their value for broader biodiversity compared to native plant 
species.  
 
This thesis, titled “Nectar resource provision in urban designed plant 
communities: The contribution of native and non-native plant apecies, invasion 
risk and ecological trade-offs” empirically examined nectar resource provision in 
12 established DPCs in Sweden, highlighting how native and non-native plant 
species differ in terms of their contribution to nectar availability, seasonal 
resource dynamics, invasion risk and overall ecological value.  
 
The results showed that non-native plant species provided a disproportionately 
large amount of nectar, non-natives plant species accounted to a median share of 
only 68 %, but contributing to 88 % of nectar across all study sites. The 
contribution of non-native plant species was particularly pronounced during 
periods when native plant species were either not yet in bloom or, relative to their 
share of flowering, fell short of expectations. This finding highlighs a 
complementary seasonal role that native plant species alone could not fulfil, given 
the current plant community compositions. It is noteworthy that it was not the 
number of plant species present, but rather the identity and productivity of 
individual plant species that consistently determined nectar output.  
 
In contrast to the assumptions, nectar productivity and invasion risk were found to 
be entirely independent plant species traits. Consequently, the most productive 
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non-native nectar providers were not systematically the most invasive, suggesting 
that selective, risk-differentiated management can preserve significantly more 
nectar resources than a blanket exclusion based solely on the plant species origin. 
However, the hypothetical removal of non-native plant species with a high risk of 
invasion would still result in an average nectar loss of 47 % across all sites, which 
illustrates the yet significant functional dependence that currently exists and the 
ecological consequences of indiscriminate removal. 
 
Despite this, native plant species performed significantly greater in terms of 
biodiversity relevance, as measured by the number of associated organisms that 
depend on a particular plant species as a food source, habitat, or mutualistic 
partner. The study demonstrates that nectar productivity and biodiversity 
relevance as well should be considered as independent traits, meaning that 
optimizing a planting for nectar supply does not automatically lead to broader 
benefits for biodiversity. In this context, plant species such as Centaurea jacea, 
Salix repens, and Achillea millefolium are of particular value, insofar as they 
combine high nectar productivity with strong ecological connectivity. This 
suggests that both objectives can be achieved simultaneously through an 
ecologically sound selection of plant species. 
 
Overall, the findings from this thesis call into question the use of plant species 
origin as a sufficient criterion for selecting plant species for use in urban green 
spaces. The substantial contribution of non-native plant species to nectar 
provision and the seasonal continuity of resources must not be overlooked, as 
their indiscriminate exclusion from planned urban plantings could lead to 
considerable losses in support for pollinators. In contrast to universal policy, 
which tends to exclude the selection of non-native plant species and advocates for 
plantings with native plant species, this study proposes individual, function-based 
plant species assessments, which consider ecological value beyond nectar 
productivity, so that designed plant communities can ultimately realize their full 
potential in promoting urban biodiversity alongside supporting pollinators.  
 
In an environment characterized by accelerating change and increasing ecological 
innovations, static classification systems based on historical reference values may 
no longer provide an adequate framework for managing urban biodiversity and 
the question of what actually constitutes ecological value in our cities deserves to 
be reconsidered. 
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Appendix 

 

Figure 16: Area-normalised nectar production per DPC study site (g sugar m-2 yr-1). 
Values represent total cover-weighted annual nectar production divided by site area 
derived from GIS analysis (SWEREF99 TM, EPSG:3006).  
 

 

Figure 17: Relationship between site area and area-normalised nectar production across 
12 DPC study sites. Each point represents one site. The regression line with 95 % 
confidence interval is shown for visual reference. Spearman rank correlation: ρ = 0.13,  
p = 0.700, n = 12 sites. 
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Figure 18: Gap between non-native plant species share (spp) and non-native nectar 
contribution per DPC study site (nectar). Percentages next to bar indicate the gap value. 
Positive values indicate that non-native plant species contribute proportionally more 
nectar than their plant species share would predict; negative values indicate the opposite.  
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